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A B S T R A C T   

Seagrass meadows, while recognized as essential ecosystem service providers, are degrading worldwide. This has 
a profound impact on the environment but also on socioeconomic systems which hope to utilize beach-cast 
seagrass (wrack) as a bioresource. This study integrates system dynamics (SD) thinking with life cycle assess
ment (LCA) and life cycle costing (LCC) to understand how a degraded ecosystem feedbacks into the circular 
bioeconomy. An SD model was created to assess the impacts of seagrass meadow changes on wrack production 
and on ecosystem services accounting, considering an Italian case study of wrack deposited on a beach. Envi
ronmental and economic impacts of wrack valorization through anaerobic digestion (AD) were then determined 
through LCA and LCC. Finally, an extended LCC combined the results of the SD model, LCA, and LCC to 
demonstrate the cost of seagrass meadow degradation and the value of restoration. The results confirmed 
complexities in stakeholder perspective within the waste-to-resource framework. For the AD operator, meadow 
restoration would increase the profits from wrack valorization (23.10 €/ton), while for the municipality, meadow 
degradation would reduce the high costs associated with management (104.29–140.00 €/ton). When also 
considering the impacts on the environment and local community, valuation of ecosystem services and cost of 
restoration were influential. Meadow restoration with wrack valorization was the most favorable option if the 
natural capital of the seagrass meadows was valued appropriately (>0.065 €/m2) and direct costs of restoration 
could be kept relatively low (<1179 €/ha). Overall, the model resulted in a total net present cost of 
− 3.161,462.40 € for the baseline scenario, − 1,488,277.28 € for the scenario of wrack valorization, and 
− 1,231,325.12 € for the scenario of wrack valorization and meadow restoration.   

1. Introduction 

Seagrasses are flowering aquatic plants found in meadows within 
coastal waters off every continent except Antarctica (Reynolds, 2018). 
Despite providing several vital ecosystem services including carbon 
sequestration (Duarte et al., 2013), coastal protection (Christianen et al., 
2013), and providing food and habitat for numerous fish and inverte
brate species (Unsworth et al., 2019b), seagrass meadows are degrading 
worldwide. Global seagrass habitat rates of decline have been estimated 
at 7% per year since 1990 (Waycott et al., 2009). While natural events 
such as disease and storms can cause localized seagrass decline, seagrass 
meadow degradation is mostly influenced by anthropogenic factors such 

as climate change, eutrophication, and physical disturbances (Githaiga 
et al., 2019; Orth et al., 2006). The degradation or removal of seagrass 
meadows has been shown to negatively impact fauna (McCloskey and 
Unsworth, 2015), carbon storage (Githaiga et al., 2019) and sediment 
stability/water quality (Daby, 2003). 

Accordingly, the importance of the conservation and restoration of 
seagrass meadows is apparent. In the EU, the health of seagrass 
meadows is emphasized through initiatives such as the Water Frame
work Directive and Marine Strategy Framework Directive (Marbà et al., 
2013). In Italy, successful restoration of seagrass meadows has been 
achieved through projects such as SERESTO (Habitat 1150* (Coastal 
lagoon) recovery by SEagrass RESTOration). However, the costs of 

* Corresponding author. School of Biosystems and Food Engineering, University College Dublin (UCD), Belfield, Dublin 4, Ireland. 
E-mail address: charlene.vance@ucd.ie (C. Vance).  

Contents lists available at ScienceDirect 

Journal of Cleaner Production 

journal homepage: www.elsevier.com/locate/jclepro 

https://doi.org/10.1016/j.jclepro.2022.133454 
Received 21 February 2022; Received in revised form 11 July 2022; Accepted 3 August 2022   

mailto:charlene.vance@ucd.ie
www.sciencedirect.com/science/journal/09596526
https://www.elsevier.com/locate/jclepro
https://doi.org/10.1016/j.jclepro.2022.133454
https://doi.org/10.1016/j.jclepro.2022.133454
https://doi.org/10.1016/j.jclepro.2022.133454
http://crossmark.crossref.org/dialog/?doi=10.1016/j.jclepro.2022.133454&domain=pdf
http://creativecommons.org/licenses/by-nc/4.0/
http://creativecommons.org/licenses/by-nc/4.0/


Journal of Cleaner Production 370 (2022) 133454

2

seagrass restoration are significant. 1,563,898 € was spent on the SER
ESTO project (Life: SEagrass RESTOration, 2018), translating to about 
651 €/ha restored site area. Bayraktarov et al. (2016) found the average 
cost of seagrass restoration to be much higher, at approximately 317,000 
€/ha when including only capital costs and 518,000 €/ha when also 
accounting for operating costs. 

To prove the benefits of conservation and restoration efforts despite 
their high costs, it is important that seagrass meadows be properly 
valued. A key challenge identified in seagrass conservation is a limited 
societal recognition of their importance (Unsworth et al., 2019a). While 
it is ethically controversial to put a price on the environment (Beder, 
1996), in a society where decisions are made based on economic metrics, 
the value of natural resources should be measured in monetary terms to 
ensure their protection (Vassallo et al., 2013). This is demonstrated 
through the concept of natural capital accounting, where natural capital 
is defined as all natural assets that provide benefits to humankind 
(United Nations, 2021; United Nations Statistics Division, 1996). To 
assess natural capital, it is useful to associate the changes in stocks to 
changes in a provided ecosystem service with a direct monetary value 
(Balmford et al., 2008). 

In the beach ecosystem, seagrass necromass, or dead biomass shed by 
the flowering plant, contributes to washed up organic material, known 
as beach wrack (Michaud et al., 2019). This wrack accumulates to form 
banquettes, which are essential to protecting beaches from erosion 
(Boudouresque et al., 2016). On the other hand, beach wrack is shown to 
emit greenhouse gases (GHGs) such as CO2 and CH4 as it decomposes 
(Liu et al., 2019; Misson et al., 2021), with estimated global levels of 
carbon emissions between 1.31 and 19.04 Tg C/year (Liu et al., 2019). 
Without human intervention, the wrack ultimately is either used as a 
source of food and shelter by intertidal fauna (Michaud et al., 2019) or 
washes back to the sea where it is reintroduced into the shallow water 
ecosystem as a nutrient source (Prasad et al., 2019). 

Due to the visual impact and foul odor associated with decomposing 
beach wrack, touristic communities often remove the wrack during 
summer months (Corraini et al., 2018). While common practice is to 
dispose of the wrack as waste in a landfill, recent studies have shown 
improvements in environmental and economic sustainability when the 
wrack is utilized as a resource for bioenergy generation via anaerobic 
digestion (AD) or compost production (Mainardis et al., 2021b). Such 
activity could be considered as contributing to the circular bioeconomy 
(European Commission, 2018). Indeed, waste valorization is a key 
strategy of the European Union’s Circular Economy Action Plan 
(Communication from the Commission to the European Parliament, 
2020). However, complexities arise in the paradigm shift from 
waste-to-resource and its effects on decision-making and sustainable 
business models. For example, if considering the common practice 
where wrack is landfilled and assuming the ecosystem services provided 
by the seagrass meadows are not properly valued, seagrass meadow 
degradation could be considered a benefit to the municipality, as less 
wrack will be produced and thus less “waste” created. On the other 
hand, if the wrack is to be valorized as a source of bioenergy or compost, 
the business model of the processor would rely on the preservation and 
health of the seagrass meadows for a sustainable supply of wrack. 

Such conflicting perspectives are important to address. To under
stand complex socio-ecological systems, system dynamics (SD) can be a 
useful tool. System dynamics uses a network of state variables (stocks) 
and rate of change equations (flows) to represent complex relationships 
among elements which could include feedback loops and non-linear 
interactions (Elsawah et al., 2017). Once the relationships within a 
system are understood, life cycle assessment (LCA) and life cycle costing 
(LCC) methodologies can be used to quantify and assess the economic 
and environmental impacts of the system over its full life cycle 
(UNEP/SETAC Life Cycle Initiative, 2011). Finally, economic and 
environmental considerations can be integrated into a single assessment 
methodology by performing an extended LCC, which converts envi
ronmental or social impacts into external costs and incorporates them 

into the LCC (Rebitzer and Hunkeler, 2003). 
This study explores the effects of ecosystem changes on wrack 

management, evaluating impacts through an SD and extended LCC 
model. The case study considers the regional context of a touristic beach 
in northeast Italy. An SD model is created to represent the seagrass 
meadow and beach ecosystems, exploring the effects of ecosystem 
degradation and restoration on ecosystem services and the amount of 
wrack available to be valorized. The environmental and economic im
pacts of wrack valorization are captured through LCA and LCC, 
respectively. Finally, the SD model is used to produce a time dynamic 
LCA and LCC, which is fed into the extended LCC model. This research is 
one of the first of its kind to combine system dynamics modeling, LCA, 
and LCC within one thorough assessment method. By doing so, this work 
demonstrates the complexities of achieving environmental and eco
nomic sustainability within the circular bioeconomy framework. 
Particularly, the work demonstrates how SD can be used to model the 
effects of ecosystem degradation and restoration efforts on bioresource 
utilization and management for different stakeholders. 

2. Materials and methods 

2.1. Case study background 

The case study considers wrack which is deposited on a 1.6 km beach 
in the Grado municipality of northeast Italy (45◦ 40′ N; 13◦ 24′ E), as 
shown in Fig. 1. The current management method is to send the 
collected wrack to a landfill in Slovenia, approximately 199 km from the 
beach. Wrack is collected from the beach only during the tourist season 
(from April to October); wrack accumulation in the winter protects the 
shore from erosion and storms. The total volume collected per day is 
therefore larger (approx. 15 truckloads) at the start of the tourist season, 
due to the accumulation during the winter months. After the initial load, 
the volume collected decreases to 1 truckload per day for the rest of the 
collection period. It is important to note that when wrack is collected, a 
significant amount of inorganic material (primarily sand) is also 
collected. This amount can vary significantly depending on the collec
tion method (Hansen and Kjaer, 2020). For the considered case study, 
the material collected is approximately 50% sand, 36% seagrass, 8% 
macroalgae, and 6% wood (Mainardis et al., 2021b). Regarding species, 
45% of the seagrass collected is Cymodocea nodosa, 38.4% is Zostera 
marina, and 16.2% is Zostera noltii (Misson et al., 2020). 

Due to the high economic and environmental impacts associated 
with the current landfilling practice, there is significant interest by the 
municipality in valorizing the wrack. However, since 2004, roughly 234 
tons less material has been collected each year from the case study 
beach. This indicates that wrack as a local bioresource is finite and thus 
unsustainable. Assuming a direct correlation between the amount of 
wrack collected to the size and health of the seagrass meadow (Cucco 
et al., 2020), this also indicates that by the year 2027 the seagrass 
meadow from which the wrack originates could be entirely depleted. 
The stakeholder groups identified in this case study are the municipal 
government of Grado, the local community in Grado, and, in the case of 
valorization, the receiver of the exported seagrass wrack. The receiver 
considered in this study is a local wastewater treatment plant (WWTP) 
which could use the material in their anaerobic digestion (AD) facility. 
For the municipality and WWTP operator, impacts are observed through 
payments for services such as wrack collection, beach replenishment 
and AD operations. For the local community, impacts are related to the 
environmental damages from both seagrass meadow degradation and 
wrack management (Fig. 2). 

2.2. System dynamics (SD) model 

To understand the role of seagrass meadows on beach wrack as a 
resource, a system dynamics (SD) model was created. The first step was 
to determine which stocks, flows and variables to include in the model, 
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and to define their relationship to one another. Once all items were 
defined, the system dynamics could then be simulated. The software 
used for the modeling and simulation was Insight Maker (Fortmann-Roe, 
2014). The simulation time chosen for this model was 6 years, whereas 
the time step was 1 month. Thus, the simulation included 72 time steps. 
A detailed explanation of the system dynamics modeling is provided in 
the Supplementary Material. 

Two simulation scenarios were defined. The first scenario assumed 
that the seagrass meadows were degrading at a constant rate, while the 

second scenario assumed that ecological restoration would be imple
mented, resulting in a recovery of the seagrass meadows. On other 
words, the two simulation scenarios were defined to show the different 
impact of no intervention (business-as-usual) and intervention (ecolog
ical restoration). The SD model was built in two stages; in the first stage, 
primary and secondary data were used to model changes to the seagrass 
meadow and produced wrack due to meadow degradation and restora
tion. In the second stage, the model was expanded to quantify the 
changes to ecosystem services caused by changes to the seagrass 

Fig. 1. Location of Grado municipality in the Friuli-Venezia Giulia region of Italy and photo of beach wrack accumulation.  

Fig. 2. Schematic of relevant stakeholders and interactions in the context of seagrass meadows and wrack management.  
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meadows and produced wrack. The following subsections detail the 
assumptions and limitations considered for each stage. 

2.2.1. Modeling seagrass meadow degradation and restoration 
Seagrass meadow decline can be caused by multiple anthropogenic 

sources including climate change, introduction of invasive species, 
eutrophication, land erosion, dredging, seining, boat mooring and 
anchoring (Githaiga et al., 2019; Orth et al., 2006; Waycott et al., 2009). 
Natural seagrass cycles also contribute to relevant variations. The causes 
are thus very complex and the rate at which decline occurs is influenced 
by many factors. To reduce the complexities of the model, the causes of 
seagrass meadow decline were not modelled. Instead, an assumption 
was made that the seagrass meadow was degrading at a linear rate, 
corresponding to the rate of decline in collected wrack found at the case 
study area. 

It should be noted that even in the case of complete seagrass meadow 
degradation, there would still be contribution of macroalgae, wood, and 
other organic materials to the wrack. In fact, it could be possible that the 
wrack from macroalgae would increase, as many species of macroalgae 
have been known to outcompete seagrasses for light and nutrients, and 
thus could thrive in their absence (Ceccherelli and Campo, 2002; 
Thomsen et al., 2012). However, this was not considered within the 
scope of the study. Instead, macroalgae and wood were assumed to 
remain at the current percentage (14% of total material; 39% of organic 
material) and reduce at the same rate as the seagrass wrack. 

An important aspect of the modeling was how to determine the size 
of the seagrass meadow area. As no study has been conducted which 
links specific seagrass meadows to the wrack collected on the Grado 
beach, a relationship between the size of the seagrass meadow area and 
the collected wrack needed to be assumed. The equivalent seagrass 
meadow size was calculated based on the seagrass wrack deposited and 
average annual change in biomass by species: 

Mwrack

mavg ​ loss∗E
=Ameadow (1)  

Where Mwrack is the seagrass wrack deposited per year (kg/year), 
mavg ​ loss is the average biomass production by the seagrass meadow (kg/ 
km2/year), E is the percentage of biomass exported to the beach 
ecosystem (%), and Ameadow is the equivalent seagrass meadow area 
(km2). The percentage of biomass exported was assumed to be 15% 
(Duarte and Krause-Jensen, 2017), and the average biomass production 
was estimated per species and weighted by the percentage of that species 
in the seagrass wrack composition (Table A1, Appendix). The initial 
seagrass meadow area was found by running the simulation to produce 
2055 tons of collected material in the first 12 months, corresponding to 
the amount of material collected from the case study area in 2020. The 
initial seagrass meadow area was thus calculated to be 14.5 km2. 

For the scenario of ecological restoration, the decision to perform 
restoration was immediate (time = 0). However, it was assumed that it 
would take some time (2 years) to carry out preliminary activities such 
as research, development, and preparation of the restoration project. 
After the planning period, the municipality would begin their restora
tion, where it was assumed that the restoration project would achieve a 
recovery of 25% of the site area per year, and thus 100% of the area after 
4 years. This is comparable to the SeRESTO project, where they were 
able to achieve an increase of seagrass meadows in the Venice lagoon 
covering an average of 69% of the restoration sites after 3 years (Life: 
SEagrass RESTOration, 2018). Again, a linear rate was assumed for 
restoration. It was assumed that the site area of the restoration effort 
would be equal to the seagrass meadow lost to degradation after two 
years (4.83 km2) and thus the rate of recovery after the planning period 
would be 1.21 km2/year. 

2.2.2. Valuing seagrass meadow ecosystem services 
As previously mentioned, seagrass meadows provide several vital 

ecosystem services (Christianen et al., 2013; Duarte et al., 2013; Duarte 
and Krause-Jensen, 2017; McCloskey and Unsworth, 2015; Unsworth 
et al., 2019b). When the meadow experiences changes, it therefore af
fects: 1) the fishing industry, 2) coastal protection, 3) carbon and 
nutrient uptake. To account for their value, the system dynamics model 
was expanded to include the accounting of each ecosystem service and 
its translation to monetary value. Quantification and valuation of 
ecosystem services was based on literature and is described below:  

1) Fishing industry 

According to Jackson et al. (2015), the estimated worth of seagrass 
meadows to Mediterranean fish landings is 190 million €/year. The 
Mediterranean has an estimated extension of 46,854 ha of seagrass 
meadows (de los Santos et al., 2019). Thus, the average value of seagrass 
meadows attributed to fishing was 4055 €/ha.  

2) Coastal protection 

According to Githaiga et al. (2019), a degraded seagrass meadow 
causes reduction in coast elevation of 23.4 mm/year. Assuming a beach 
area of 1.6 km2, this would result in a need for beach replenishment 
amount of 37,440 m3/year. Beach nourishment projects were found to 
cost anywhere from 1 to 50 €/m3 (Rosendahl Appelquist and Halsnæs, 
2015); thus, the cost of coastal erosion due to seagrass meadow degra
dation was set at 20 €/m3.  

3) Carbon stocks and nutrient uptake 

Seagrass meadows are well established sources of carbon seques
tration, as they accumulate carbon within their sediments. Furthermore, 
seagrass exported from the meadows can contribute to an additional 
30% of total carbon storage through burial in both shelf and deep-sea 
sediments (Duarte and Krause-Jensen, 2017). When seagrass meadows 
are lost, studies have cited losses of carbon of 4.75–25.7 tons C/ha 
(Githaiga et al., 2019; Thorhaug et al., 2017). For this study, a carbon 
flux of 21 tons C/ha seagrass meadow gained or lost was assumed, in
clusive of carbon stored in shelf and deep-sea sediments from exported 
seagrass (estimated at 6 tons C/ha, or 30% of total carbon stored). The 
current price for carbon in the EU is 50 €/ton (Reuters et al., 2021); thus, 
the value of seagrass carbon sequestration was set at 50 €/ton. 

In addition to carbon, seagrasses uptake nutrients during their 
growth, with leaves containing nitrogen and phosphorus concentrations 
of 1.0–3.0% and 0.05–0.20% dry weight, respectively (Alcoverro et al., 
2000). The value of nutrient uptake is equated to the cost of N and P 
removal in wastewater treatment (Ottaviani, 2020). Depending on the 
technology, the cost of N removal can widely vary from 0.37 to 14.79 
€/kg (Vineyard et al., 2020) while the cost of P removal can range from 
143 to 404 €/kg (Jiang et al., 2005). For this study the value of nutrient 
removal was set on the conservative end at 0.5 €/kg N and 150 €/kg P. 

2.3. LCA and LCC 

To quantify the impacts of wrack valorization, LCA and LCC meth
odologies were applied. The following sections discuss the LCA 
modeling through its defined stages as outlined in the LCA standards 
(European Commission, 2018): goal and scope definition, life cycle in
ventory (LCI), and life cycle impact assessment (LCIA). In this study, the 
LCA and LCC were conducted in parallel, both for data consistency 
(Bierer et al., 2015) and to avoid double counting of impacts (Neu
gebauer et al., 2016). The LCC was thus integrated into the standardized 
framework parallel to the LCI stage. 

2.3.1. Goal and scope 
The goal of the LCA and LCC was to assess the impacts of beach 

wrack valorization, where the availability of wrack changes over time. 
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The valorization of wrack was compared to the current wrack man
agement strategy of landfilling (baseline scenario), as explained in 
Section 2.1. As discussed earlier, when wrack is collected, the collected 
material includes a significant amount of sand. Thus, the functional unit 
for the LCA and LCC was 1 ton of collected wrack and sand (referred to 
as collected material). 

The valorization considered was the production of electricity, heat 
and digestate from biogas produced by anaerobic digestion (AD). The 
collected material was assumed to be sent to an existing digester located 
at a wastewater treatment plant (WWTP) 22 km from the beach. The 
material was pre-treated (washed and ground) and then co-digested 
with municipal sludge. However, co-digestion was not assumed to 
have any effects on biogas yield and composition from wrack AD, hence 
the scope of the LCA was limited to the impacts of the addition of wrack 
and not to the existing AD system. The produced biogas was assumed to 
be combusted in a combined heat and power (CHP) unit, while the 
digestate was centrifuged, stored and then spread on local farmland as a 
replacement for inorganic fertilizer. A portion of the produced heat was 
assumed to be used internally, while the remaining heat was wasted, as 
is typical in Italian biogas plants (Italian Composting and Biogas Asso
ciation, 2017). As such, the only final product was electricity, which was 
assumed to replace electricity from the Italian electricity grid. The sys
tem boundary of the LCA and LCC can be seen in Fig. 3. 

2.3.2. LCI 
The LCI was built considering several process steps: material 

collection and transportation, pre-treatment, wrack AD, biogas CHP, 
and digestate management. Primary data was taken from the Grado 
municipality and two local WWTPs, and secondary data was acquired 
from previous works (Mainardis et al., 2021a, 2021b) and from litera
ture (Angelidaki et al., 2017; Gimzauskaite et al., 2020; Lijó et al., 
2014). Background data, such as the Italian electricity mix, transport, 
diesel, wastewater treatment and landfilling were taken from the 
Ecoinvent database (Wernet et al., 2016). The LCA modeling and 
simulation was done using Simapro software (Pre Consultants, Amers
foot, Netherlands). 

As a waste stream, no environmental burden was allocated to the 
deposited wrack (Ahlgren et al., 2015). The collected sand was consid
ered as an input from nature (PRé et al., 2016). Inventory objects 
associated with the collection and transportation of the material to the 
WWTP were assumed from previous work (Mainardis et al., 2021b). 
Two pre-treatments were assumed in the study: washing and grinding. 
The main objective of the washing pretreatment was to separate the sand 
from the collected material, leaving only the digestible wrack (Angel
idaki et al., 2017). The sandy water was then treated as nontoxic 
wastewater. The main objective of the grinding pretreatment was to 
reduce the size of the wrack, as reduced particle sizes allow for better 
digestion (Kawai et al., 2012). It was assumed that the WWTP had a 

grinder/chopper available for use; thus, no impacts were assigned for 
capital equipment. Furthermore, no impact was assumed for the use of 
equipment/machinery related to AD and CHP, as they have negligible 
contribution to overall environmental impact (Henriksson et al., 2012). 

Fig. 4 displays the mass and energy balance for the wrack valoriza
tion scenario. The biogas and biomethane potential of the wrack were 
determined from experimental studies (Misson et al., 2020), while the 
electrical and thermal efficiency were estimated from data obtained 
from the WWTP (Mainardis et al. 2021a). Gaseous emissions from biogas 
combustion were then assumed as in previous work by Mainardis et al. 
(2021b). The digestate storage and spreading was modelled from Lijó 
et al. (2014) and assumed to be used as a substitute for inorganic fer
tilizers, based on the levels of N and P found in the digestate composition 
of digested wrack. Finally, the heavy metal content for each digestate 
was retrieved from previous works (Misson et al., 2020) and considered 
as emissions to the soil. Further details on the LCI data and sources can 
be found in Tables S1–3 (Supplementary Material). 

2.3.3. LCC 
Economic assessment is dependent on the stakeholder; for example, 

while the municipality might want to pay a low gate fee for disposal of 
the wrack, the WWTP will want a higher fee to improve profit potential. 
Thus, costing was differentiated by stakeholder (the municipality and 
WWTP). The LCC included both costs (negative monetary value) and 
revenues (positive monetary value). The LCC used primary data for 
wrack and sand collection and transportation from the municipality. 
Compared to landfilling, the cost of collection in the AD scenario was 
assumed to be the same. The transport costs were calculated based on 
previous work (Mainardis et al., 2021b) considering an average Slove
nian landfill gate fee of 11 €/ton (Aleksic, 2013). For the AD scenario, a 
gate fee of 50 €/ton was assumed. This value was assumed as it still 
resulted in savings to the municipality (compared to the cost of trans
porting to the landfill) while also being high enough to cover the costs of 
washing and grinding and provide an additional revenue for the WWTP. 
Additional costs associated with the washing and grinding pretreatment 
and the AD processes included the purchase of diesel, electricity, and 
freshwater, as well as the cost of labor and wastewater treatment. 
Revenue to the WWTP included the gate fee and the electricity produced 
by the addition of wrack (91.80 kWh/ton wrack wet weight), where 
electricity generated was assumed to qualify for the all-inclusive feed-in 
tariff (AIFT) scheme, with a selling price of 0.22 €/kWh (Carlini et al., 
2017). Diesel was assumed to have a price of 1.49 €/L (Statistica 
Research Department, 2021). Electricity purchased was assumed to have 
a price of 0.15 €/kWh (Cottes et al., 2020). The water price was assumed 
at 1.41 €/m3 (Meran et al., 2021). Labor was estimated at a rate of 7 €/h 
(Carlini et al., 2017). Wastewater was assumed to be discharged to a 
non-sensitive area, with transport and treatment cost of 0.20 €/m3 

(Hernandez-Sancho et al., 2015). Finally, a cost of 100 €/ton digestate 

Fig. 3. System boundaries of AD scenario (production of electricity, heat and digestate from wrack AD).  
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was assumed for transportation and spreading of digestate from primary 
data. 

2.3.4. LCIA 
Midpoint categories considered in the LCA were abiotic depletion of 

fossil fuels (ADP), 100-year global warming potential (GWP100a), 
human toxicity (HT), marine aquatic ecotoxicity, photochemical 
oxidation (POx), acidification, fine particulate matter formation (PM), 
freshwater eutrophication, and marine eutrophication. For ADP, 
GWP100a, HT, POx, and acidification, the LCIA method used was CML- 
IA baseline V3.06 (University of Leiden, Leiden, Netherlands). For PM, 
marine aquatic ecotoxicity, freshwater eutrophication, and marine 
eutrophication, the LCIA method used was the ReCiPe midpoint 2016 – 
Hierarchical perspective (Huijbregts et al., 2016). For the LCC, the in
dicator was always monetary (€/ton). 

2.4. Dynamic LCA and LCC 

As both LCA and LCC results were calculated per ton collected wrack, 
by integrating with the results of the SD model, the impacts over time 
could be calculated. During the winter months, it was assumed that the 
only impact from the system was the environmental impact of the GHGs 
(kg CO2 equivalent) emitted during the wrack decomposition on the 
beach, which was estimated at 1.5% of the total material deposited per 
month (Liu et al., 2019). During the summer months, economic and 
environmental impacts derived from wrack management were evalu
ated per ton collected material in the static LCA and LCC. Additionally, 
in the summer months the collection of wrack resulted in significant 
amounts of sand being removed from the beach. This contributed to an 
additional volume of sand needed during beach replenishment, which 
was calculated assuming a sand density of 1600 kg/m3 (Baboo, 2019). 
By integrating the static LCA and LCC with the SD model, dynamic re
sults were produced, capturing both the effects of resource seasonal 
variation as well as the effects of a gradual change in resource avail
ability over the defined lifetime. This was demonstrated for monthly 
GHG emissions considering the AD scenario. 

2.5. Extended LCC 

An extended LCC includes the costs calculated through a conven
tional LCC but also includes ‘indirect costs’, which are costs indirectly 
incurred as a consequence of an economic action, and ‘external costs’, 
which are monetized representations of social and environmental costs 
(Rebitzer and Hunkeler, 2003). Similar to a conventional LCC, an 
extended LCC includes negative monetary values related to costs or 
damages and positive monetary values related to benefits or revenues. 

The costs considered in this study are displayed in Table 1. 
In addition to the stakeholders included in the LCC (the municipality 

and WWTP), the extended LCC included an additional stakeholder of 
community/environment. To translate environmental impacts from an 
LCA into monetized costs, several methods have been established 
(Arendt et al., 2020). The choice of method is dependent on the 
geographical scope, inclusion and prioritization of impact categories, 
and cost perspectives. For this study, the extended LCC used established 
weighing factors from Ecovalue 2012 (Finnveden et al., 2013), which 
give a value in Swedish Krona (SEK) for 9 impact categories. To convert 
to 2021 Euro, an exchange rate of 8.7 SEK to Euro was assumed 
(ExchangeRates.org.uk, 2021) and the inflation rate from 2012 to 2021 
was assumed to be 11.01% (Alioth LLC, 2021). It should be noted that in 
LCA, environmental impacts (‘costs’) are given a positive value and 
benefits (‘savings’) are given a negative value. Thus, the monetary 
weighting also included a reversal of positive and negative signs from 
the LCA results to match the signs used in the LCC. 

The extended LCC considered impacts of wrack management 
captured by the static LCA and LCC as well as two impacts captured by 
the SD model: emissions from wrack decomposition on the beach and 
loss of sand due to wrack collection. Therefore, both needed to be 
translated to monetary costs. The cost of emissions from decomposition 
was calculated using the Ecovalue 2012 factors for GWP translated to 
2021 Euros (363.65 €/ton CO2 equivalent) and allocated as an external 
cost to the community/environment. The cost of sand removal was 
allocated to the municipality and used the same values as the cost of 

Fig. 4. Mass and energy balance for AD scenario.  

Table 1 
Costs included in the extended LCC, differentiated by stakeholder.  

Stakeholder Cost Direct/ 
indirect 

Source 

Municipality Seagrass meadow 
restoration 

Direct SD 

Wrack management Direct LCC 
Beach replenishment from 
sand removal 

Indirect SD 

WWTP Wrack valorization Direct LCC 
Community/environment 

(external costs) 
Ecosystem services: carbon 
sequestration 

Indirect SD 

Ecosystem services: 
nutrient uptake 

Indirect SD 

Ecosystem services: fishing 
stocks 

Indirect SD 

Ecosystem services: coastal 
protection 

Indirect SD 

Seagrass wrack 
decomposition 

Indirect SD 

Wrack management Indirect LCA  
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coastal erosion discussed in Section 2.2.2 (20 €/m3 sand). Finally, the 
extended LCC included the impacts of changes to the seagrass meadow 
ecosystem, either through degradation assumed at current rates or 
restoration from interventive efforts. The natural capital of the seagrass 
meadows was estimated through its ecosystem services quantified by the 
SD model (Section 2.2.2). For the scenario of restoration, the cost was 
assumed to be 651 €/ha, corresponding to the cost per ha of successfully 
restored site achieved in the Life SeRESTO project (Life: SEagrass 
RESTOration, 2018). The total cost was incurred at the initial decision to 
perform a restoration (time = 0). 

For calculating the overall impacts over the considered time period, 
the monetary flows for each stakeholder were accounted for and dis
counted according to the net present value (NPV) method (Žižlavský, 
2014), which uses the following equation: 

NPV =
∑n

t=0

NCFt

(1 + r)t (2)  

where net cash flow (NCF, €/year) is the annual cash flow, n is the 
number of years of operation, t is the year and r is the discount rate (%). 
A discount rate of 10% was used. 

2.6. Sensitivity and uncertainty analyses 

As many variables are used in this study with varying degrees of 
uncertainty, sensitivity analyses were conducted. Sand content is a sig
nificant factor in wrack management, as with current collection methods 
it can contribute up to 76.8% of the total collected material (Hansen and 
Kjaer, 2020). The COASTAL Biogas project has experimented with 
different collection methods to reduce the sand content, managing to 
collect wrack with a sand content as low as 23% dry volume (Gim
zauskaite et al., 2020). Thus, a sensitivity analysis was conducted to find 
the impact of reduced sand collection on the system, varying sand 
content in the collected material from 25 to 75%. Regarding the cost of 
seagrass meadow restoration, while the assumed capital cost was taken 
based on a recently completed restoration project in the region (Life: 
SEagrass RESTOration, 2018), this is a relatively low cost compared to 
other restoration projects (Bayraktarov et al., 2016). Thus, a sensitivity 
analysis was performed, where the cost of restoration was increased 
from 300,000–3,000,000 €. Furthermore, restoration projects are not 
always successful, with Bayraktarov et al. (2016) finding a median 
survival rate of 38% for seagrass ecosystem restoration projects. Some 
studies also question the speed and long-term effectiveness of restora
tion efforts (Beheshti et al., 2022). Thus, the restoration rate was varied 
from 25 to 100% recovery within 4 years, corresponding to a restoration 
rate of 0.36–1.21 km2/year. Finally, many assumptions were made in 

the valuation of ecosystem services. Such calculations are dependent on 
spatial and temporal factors and can thus vary significantly (ten Brink 
et al., 2015). Thus, a sensitivity analysis was conducted to understand 
how changing the value of seagrass meadow ecosystem services would 
affect the analysis. The value was varied from 0 to 0.16 €/m2, where 
0.08 €/m2 was the initial estimate. 

3. Results 

3.1. SD model: influence of degradation and restoration on stocks, flows, 
and ecosystem services 

Fig. 5 shows the influence of ecosystem degradation and restoration 
on the seagrass meadow and material collected. The assumption of 
degradation resulted in a linear reduction of seagrass meadow area from 
14.5 km2 to 0 km2, gradually increasing the damage costs related to the 
loss of ecosystem services up to − 1,328,933.93 € in month 72. This value 
does not include the time value of money, which is considered later in 
the extended LCC through the use of a discounting rate. The assumption 
of restoration resulted in a recovery of seagrass meadow area from 9.67 
km2 in month 24 back to its original 14.5 km2 in month 72. The costs 
reflected this recovery, reaching peak damage cost of − 442,978.08 € 
(excluding discounting) in month 24 and then rebounding to 0 € in 
month 72. 

3.2. LCA and LCC: environmental and economic impacts of wrack 
valorization 

Fig. 6 displays the relative environmental impacts of the AD scenario, 
normalized against the landfilling scenario. It is clear that the AD sce
nario has a lower environmental impact in all impact categories 
compared to the landfilling scenario. For freshwater and marine eutro
phication, the measured impact of the AD scenario is negative; this is 
due to the displacement of fossil-based electricity and fertilizers by the 
AD products of bio-based electricity and digestate. Table A2 (Appendix) 
displays the LCIA results of the landfilling and AD scenarios per ton 
collected material, and the conversion to monetary value as defined in 
Section 2.5. Considering the monetary weights applied, global warming 
has the highest impact for both scenarios, followed by abiotic depletion, 
freshwater eutrophication, and human toxicity for the landfilling sce
nario and human toxicity, abiotic depletion and marine aquatic eco
toxicity for the AD scenario. For the landfilling scenario, the 
environmental impacts are mainly derived from the processes of land
filling and feedstock transport, while for the AD scenario the environ
mental impacts are mainly derived from biogas combustion, wastewater 
treatment, diesel usage, and feedstock transport to the AD plant. 

Fig. 5. Influence of (a) seagrass meadow degradation and (b) restoration on seagrass meadow area, cumulative costs relating to loss of ecosystem services, and 
amount of wrack/sand collected. 
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Table A3 (Appendix) shows the results from the LCC of wrack 
management per ton collected material, considering the baseline and 
alternative scenario and the stakeholders of the municipality and 
WWTP. Due to the high costs associated with the pretreatment of wrack 
and operation of the AD and CHP plant, a high gate fee of 50 €/ton was 
established to result in some profit margin (23.10 €/ton) for the WWTP. 
Despite this high fee, the significantly shorter distance between the 
beach and WWTP compared to the baseline scenario of landfilling in 
Slovenia also meant that the transportation costs were significantly 
reduced. Thus, the municipality could still save money in this scenario 
(35.71 €/ton) compared to the baseline scenario. 

Fig. 7 displays the dynamic LCA results considering the monthly 
GHG emissions in the AD scenario. The emissions from the AD of wrack 
in the tourist season are higher than the emissions from the decompo
sition of wrack on the beach in off-season. While one might assume that 
the emissions from the wrack decomposing on the beach would be 
similar or even greater than the emissions of electricity production from 
AD (Liu et al., 2019), two considerations are important. First, when 
wrack is deposited on the beach, only part of it decomposes, as a portion 
returns to the sea (Boudouresque et al., 2016) and another portion is 
consumed by intertidal animals (Michaud et al., 2019). Second, in 
addition to the emissions from biogas combustion, in the AD scenario 

the wrack must also be transported and processed, which further con
tributes to GHG emissions due to diesel combustion and fossil-based 
electricity consumption. The assumption of seagrass meadow degrada
tion leads to a reduction in GHG emissions from wrack management 
over time; however, this does not consider the loss of carbon seques
tration due to the loss of seagrass meadows, nor the fact that the AD 
scenario still results in significantly less GHG emissions compared to the 
current management scenario. Thus, while the dynamic LCA demon
strates the time variations considered in this study, it is an incomplete 
picture and emphasizes the importance of the extended LCC performed 
in the following section. 

3.3. Extended LCC: comparing wrack management scenarios 

Table 2 and Fig. 8 show the NPV of direct and indirect costs for each 
stakeholder. If only costs to the municipality are considered, seagrass 
meadow degradation results in the best economic performance. As 
described earlier, if only the cost of wrack management is considered, 
the municipality is financially incentivized to allow degradation to 
produce less wrack. For the WWTP, the most optimal scenario is seagrass 
meadow restoration. This is also clear, as restoration would provide 
more wrack, generating more revenue through its valorization. When 

Fig. 6. LCIA results of AD and landfilling scenario, where the impacts are normalized against the baseline (landfilling scenario).  

Fig. 7. Monthly GHG emissions (kg CO2 eq) emitted in AD scenario. In tourist season (=1.00), wrack is collected and transported to the WWTP for AD. Contributions 
to GHG emissions include collection, transport, pretreatment, AD and CHP operations, and digestate management. In non-tourist season (=0.00), wrack remains on 
beach, emitting GHGs from decomposition. 
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considering the indirect costs to the community and environment, sea
grass meadow degradation results in significant costs based on the loss 
of ecosystem services. Second, while the future restoration of the 
meadow can reverse the degradation and loss of ecosystem services, it 
does not fully make up the cost of current meadow degradation, due to 
the time value of money (discount rate) used in the NPV calculations. 
Additionally, as restoration of the meadows would result in an increase 
in wrack produced and collected, external environmental costs associ
ated with wrack management would also increase. Nonetheless, 
regardless of degradation or restoration of seagrass meadows, valori
zation via AD results in significantly lower environmental impacts 
compared to landfilling. Including all direct and indirect costs, it was 
determined that the restoration scenario is the best performing scenario, 
even accounting for the significant cost associated with seagrass 
meadow restoration. 

3.4. Sensitivity analyses 

Four variables were varied in the sensitivity analyses: sand collected, 
cost of restoration, restoration rate, and value of ecosystem services. The 
amount of sand collected was varied from 25% to 75%. Reduction of 
sand content increased the percentage of wrack in the collected mate
rial, which increased the revenue of the WWTP by increasing the elec
tricity production per ton of collected material. However, it also resulted 
in higher processing costs per collected material. For example, while less 
wastewater was produced from washing collected material with lower 
contents of sand, more energy was needed to grind the wrack, centrifuge 
the digestate, and transport the digestate per ton of material. Thus, 
reducing sand content from 75% to 25% only minimally increased the 

profit of the WWTP from 22.33 €/ton to 23.86 €/ton, respectively 
(Table A4, Appendix). However, by reducing the total amount of ma
terial collected by the municipality (wrack produced per year remained 
unchanged from the previously defined scenarios), direct costs such as 
landfill and WWTP transportation and gate fees were reduced. Addi
tionally, indirect and external costs associated with the unnecessary 
removal of sand were also reduced (Figure A1, Appendix). Next, the cost 
of restoration was varied from 300,000–3,000,000 € (Figure A2, Ap
pendix). It was found that at a restoration cost of over 570,000 € (NPV), 
or approximately 1179 €/ha restored site area, it became preferable to 
allow degradation with wrack valorization than to perform restoration 
with wrack valorization. At a cost of approximately 2,250,000 €, or 4655 
€/ha restored site area, even the baseline scenario of landfilling without 
any valorization became preferable to performing restoration with 
wrack valorization. When the rate of restoration was varied, a restora
tion rate of 30% recovery resulted in a total NPV of − 1,364,698.72 € 
whereas the original rate of 100% recovery resulted in a total NPV of 
− 1,231,325.12 € (Figure A3, Appendix). This demonstrates that while 
higher rates of restoration increased the amount of wrack produced 
which augmented the direct costs for the municipality, it also resulted in 
higher revenue for the WWTP and, most critically, lower external costs 
due to higher amounts of ecosystem services retained. Finally, the value 
of ecosystem services was varied from 0.00 €/m2 up to 0.16 €/m2 

(Figure A4, Appendix). Restoration was only the most favorable scenario 
when the ecosystem services were valued at over 0.065 €/m2; if the 
seagrass meadow’s ecosystem services were valued below that, it 
became more favorable to allow degradation. These two sensitivity an
alyses show that restoration is only favorable when restoration costs are 
kept low and ecosystem services are valued highly. 

Table 2 
NPV of direct and indirect costs (euro-equivalent) for each scenario.  

Stakeholder Cost Scenario 

Degradation, no valorization 
(landfilling) 

Degradation, valorization 
(AD) 

Restoration, valorization 
(AD) 

Municipality Seagrass meadow restoration N/A N/A − 314,650.00 
Wrack management − 733,489.22 − 546,378.38 − 860,200.76 
Sand removal − 32,745.05 − 32,745.05 − 51,552.77 
Total ¡766,234.27 ¡579,123.44 ¡1,226,403.51 

WWTP Wrack valorization N/A +121,000.76 +190,499.76 
Total 0.00 +121,000.76 +190,499.76 

External (Community and 
environment) 

Seagrass meadow ecosystem 
services 

− 964,642.28 − 964,642.28 − 94,282.59 

Seagrass wrack decomposition − 11,229.70 − 11,229.70 − 15,677.92 
Wrack management − 1,419,356.14 − 54,282.62 − 85,460.84 
Total ¡2,395,228.12 ¡1,030,154.60 ¡195,421.35 

Total direct and indirect costs: ¡3,161,462.40 ¡1,488,277.28 ¡1,231,325.12  

Fig. 8. NPV of direct and indirect costs (euro-equivalent) for (a) degradation without valorization (b) degradation with valorization via AD and (c) restoration with 
valorization via AD. 
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4. Discussion 

In this study, the SD model was used both to quantify the services 
provided by the seagrass meadow ecosystem and to simulate the effects 
of degradation and restoration on seagrass wrack management. The 
extended LCC was able to capture several direct, indirect and external 
costs which affected the municipality, WWTP and local community. This 
section will first discuss the implications of the study on the stakeholder 
groups, providing suggestions for management options. The discussion 
will then continue by addressing the limitations of the model and sug
gesting improvements for future work. 

For all stakeholder groups, there is the possibility for significant 
improvements in technology, processing, and life cycle management 
which could reduce both economic and environmental impacts. One 
process improvement which was explored in this study was the reduc
tion of sand content in the collected material, which reduced costs for all 
stakeholders but especially for the municipality. The municipality could 
therefore investigate new methods or technologies for wrack collection, 
as suggested in the COASTAL Biogas project (Gimzauskaite et al., 2020). 
However, new methods could be more energy-intensive or require more 
labor, which would reduce their attractiveness both economically and 
environmentally. For example, new beach cleaning equipment has a 
high capital cost of anywhere from 10,000–90,000 € (H. Barber and 
Sons, 2021). Such trade-offs should thus be explored. For the WWTP, 
significant costs are involved in washing and grinding the wrack and 
centrifuging the digestate. The WWTP could investigate possible alter
native processes, or whether this processing could be further optimized. 
In addition, the use of excess heat could improve system sustainability; 
the WWTP could find local industrial or community partners interesting 
in acquiring process heat (Dave et al., 2013). Another technological 
option to consider could be conversion of wrack to biochar, which could 
both reduce emissions related to the decomposition of wrack and in
crease atmospheric carbon sequestration by using biochar as a soil 
amendment (Macreadie et al., 2017). 

While many values in this study were estimated from external 
sources, they can provide significant insight to stakeholders. For 
example, it is known that the municipality pays for beach replenishment 
approximately every 5 years, and that the last beach replenishment 
costed 600,000.00 €. However, it is not known whether the need for 
beach replenishment is tied mostly to the removal of sand from the 
beach during wrack collection or due to erosion from the degradation of 
the local seagrass meadows. Assuming the need for beach replenishment 
is only tied to sand losses from wrack management (625 m3/year), the 
beach replenishment costs would correspond to 192 €/m3, which would 
be a very high cost. However, if the need for beach replenishment is also 
tied to coastal erosion and the estimated erosion due to seagrass 
meadow degradation from this study is considered (37,440 m3/year), 
the beach replenishment costs would correspond to a cost of 3.15 €/m3. 
According to secondary sources (Rosendahl Appelquist and Halsnæs, 
2015) this is a more realistic rate, showing that the coastal erosion 
values used in this study were also realistic and that the primary driver 
for beach replenishment costs is seagrass meadow degradation and not 
the removal of wrack from the beach. Thus, for the municipality to 
reduce their costs with regards to beach replenishment, it is imperative 
that they focus on restoration of seagrass meadows. 

Additional considerations which were not considered in this study 
could help strengthen future works. For the environment and local 
community, the valuation of ecosystem services is the most critical 
point. A wide variation in the natural capital of seagrass meadows was 
found in literature, ranging from 2.44 €/m2 to 327 €/m2 (ten Brink et al., 
2015). The valuation of seagrass meadow ecosystem services in this 
paper was therefore very conservative at 0.092 €/m2. One significant 
limitation of the study is the lack of quantification of ecosystem services 
provided by the wrack. Wrack contributes to the ecosystem by providing 
shelter and food for several species on the coast (Dugan et al., 2003). 
However, no studies have yet to quantify the costs and benefits 

correlated to these ecosystem services in monetary terms. Thus, addi
tional studies are suggested to help provide this data. Another external 
cost which was not included in this study was the impact of seagrass 
ecosystem changes on tourism. Some natural capital assessments for 
seagrass meadows have included tourism revenue through activities 
such as diving and ecotourism (Junta de Andalucia et al., 2014), where 
the value of tourism was the most significant contribution to the valu
ation of ecosystem services. However, while certain types of tourism can 
benefit from the ecosystem services provided by seagrass meadows, 
other tourists may be negatively affected by the sight and smell of the 
produced seagrass wrack (Corraini et al., 2018). Thus, as pointed out in a 
previous study (Mainardis et al., 2021a), the impact on tourism is not 
easily quantifiable. To understand the costs and benefits of the seagrass 
meadows and generated wrack on the different types of tourists and 
local community, a deeper socioeconomic investigation is needed. For 
example, willingness-to-pay studies could be used to better monetize the 
value of ecosystem services as perceived by the local community 
(Winden et al., 2014), and Multi-criteria Decision Analysis (MCDA) 
could be used to understand the relative importance of factors despite a 
lack of quantitative information (Goulart Coelho et al., 2017), while 
stakeholder mapping could help better understand how different groups 
perceive and are affected by wrack and meadow management (Berg 
et al., 2018). To enhance the social perception of ecosystem values 
provided by seagrass meadows, dedicated communication campaigns 
could be programmed in the future, to extend the applicability of 
ecological solutions without inducing economic costs connected to 
tourism. 

Several assumptions were made for this study which, while necessary 
to simplify the model, could be further explored in future work. First, the 
case study considered the co-digestion of seagrass wrack and sewage 
sludge at a local WWTP, where it was assumed that the WWTP would 
prioritize using all the seagrass wrack delivered in summer months. 
However, it is possible that all the delivered seagrass wrack would not be 
used immediately, and thus would need to be stored. In this case, 
ensiling is highly recommended as a low cost and low energy preser
vation method (Gimzauskaite et al., 2020). The effects of ensiling on the 
variable supply of marine feedstocks could be explored in future works. 
A reduction in CH4 potential from stocked material could be hypothe
sized, due to the ongoing degradation process (Kreuger et al., 2011; Li 
et al., 2017). While this study demonstrated benefits of wrack valori
zation through co-digestion with municipal sludge, the majority of 
Italian biogas plants are on-farm, utilizing energy crops and agricultural 
residues as feedstocks (Benato and Macor, 2019). At the moment, biogas 
plants processing agricultural and agro-industrial waste are not likely to 
take this material, as it is not currently considered as an accepted 
feedstock for bioenergy production (Ministero delle politiche agricole 
alimentari e forestali, 2016), despite its acceptance as a feedstock for 
bio-based fertilizer (Ministero dell’Ambiente e della Tutela del Terri
torio e del Mare, 2019). Thus, until the regulations are made clearer, 
there is a missed opportunity to valorize the seagrass wrack through AD, 
which is the more environmentally sustainable option compared to 
landfilling or even composting (Mainardis et al., 2021b). A paradigm 
shift from waste-to-resource must be performed at all levels to efficiently 
exploit the energy and nutrient contents embedded in seagrass wrack. 
Finally, this work considered seagrass restoration through a human 
interventive approach (physical implantation). However, natural re
covery of seagrass meadows is also possible through the improvement of 
general ecosystem quality such as through reduction in eutrophication 
and disturbances caused by human activity (de los Santos et al., 2019). 
Studies have shown the positive effects of utilizing digestate fertilizer on 
reducing marine eutrophication (Cappelli et al., 2015; Seghetta et al., 
2016). Thus, it is possible that the effects of utilizing the seagrass wrack 
as a resource would contribute to better ecosystem quality, reducing the 
necessity for physical restoration efforts. While it was not within the 
scope of this work, in future studies it would be beneficial to model the 
feedback loops which influence the health of the seagrass meadow and 
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the effects of ecological restoration of the beach ecosystem. 

5. Conclusion 

This study demonstrates how system dynamics modeling can be in
tegrated with LCA methodologies to understand how ecosystem health 
can affect bioresource availability, and how bioresource availability can 
affect the sustainability of bio-based systems. It was found that wrack 
valorization was more economically and environmentally sustainable 
(NPV of − 1,488,277.28 €) compared to the current management method 
of landfilling (NPV of − 3,161,462.40 €). When comparing the scenarios 
of seagrass meadow degradation or restoration, degradation was pre
ferrable for the municipality due to the high costs associated with wrack 
collection and transport (104.29–140.00 €/ton collected material), 
while restoration was preferrable for the WWTP to increase their reve
nues (23.10 €/ton collected material). When considering the natural 
capital of the seagrass meadows, the sensitivity analyses showed that 
restoration was the preferred scenario (NPV of − 1,231,325.12 €) when 
restoration costs were low (651 €/ha) and seagrass ecosystem services 
were valued highly (0.092 €/ha). This combined approach, which in
cludes system dynamics modeling, LCA and LCC, can be applied to other 
relevant case-studies where seagrass degradation is observed to properly 
assess and compare alternative management options as well as to 
determine the value and impacts of seagrass restoration. Finally, future 
research could consider technological and process improvements, 
feedback loops from management and externalities on the ecological 
system, economic impacts related to tourism, and additional ecosystem 

services provided by the wrack. 
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A. Appendix.  

Table A1 
Total seasonal biomass measured in seagrass meadows from literature and weighted according to wrack composition identified in case study.  

Sources Species Total biomass, g (dry)/m2 Annual change, g 
(dry)/m2/a 

% wrack 
composition 

Weighted change, g 
(dry)/m2/a 

Winter Spring Summer Fall 

(Duarte and Sand-Jensen, 1990; 
Rismondo et al., 1997) 

Cymodocea 
nodosa 

600 470 1750 900 1280 51.2% 655.36 

(Curiel et al., 1997; Olesen and 
Sand-Jensen, 1994) 

Zostera marina 100 250 350 100 250 28.6% 71.5 

(Curiel et al., 1996; Pergent-Martini et al., 
2005) 

Nanozostera 
noltii 

175 165 280 125 155 20.2% 31.31        

Total: 758.17   

Table A2 
Comparison of LCIA results per ton of collected material and the conversion to monetary costs per ton of collected material for use in the extended LCC.  

Scenarios Landfill AD 

Impact category Unit Environmental Impact Monetized Cost (€) Unit Environmental Impact Monetized Cost (€) 
Abiotic depletion (fossil fuels) MJ 1582.67 − 24.23 MJ 129.09 − 1.98 
Global warming (GWP100a) kg CO2 eq 581.35 − 211.41 kg CO2 eq 10.01 − 3.64 
Human toxicity kg 1,4-DB eq 14.60 − 5.24 kg 1,4-DB eq 8.85 − 3.17 
Marine aquatic ecotoxicity kg 1,4-DB eq 1.20 − 1.84 kg 1,4-DB eq 0.99 − 1.51 
Photochemical oxidation kg C2H4 eq 0.12 − 0.40 kg C2H4 eq 0.0044 − 0.015 
Acidification kg SO2 eq 0.43 − 1.65 kg SO2 eq 0.0031 − 0.012 
Fine particulate matter formation kg PM2.5 eq 0.11 − 3.94 kg PM2.5 eq 0.0042 − 0.15 
Freshwater eutrophication kg P eq 0.13 − 10.88 kg P eq − 0.0012 0.11 
Marine eutrophication kg N eq 0.12 − 1.40 kg N eq − 0.00060 0.0068   
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Table A3 
Internal direct costs per ton collected material.  

Management scenario Stakeholder Process Cost or revenue (€/ton collected material) 

Landfill Municipality Wrack collection − 45.00 
Municipality Transportation to landfill − 84.00 
Municipality Gate fee to landfill − 11.00 
Total for municipality ¡140.00 

AD Municipality Wrack collection − 45.00 
Municipality Transportation to WWTP − 9.29 
Municipality Gate fee to WWTP − 50.00 
Total for municipality ¡104.29 
WWTP Gate fee +50.00 
WWTP Wrack pre-treatment: washing and grinding − 23.89 
WWTP AD direct operation, maintenance and financing costs − 7.66 
WWTP Digestate transport to agricultural sites and use − 4.08 
WWTP CHP electricity produced from biogas +8.73 
Total for WWTP 23.10   

Table A4 
Sensitivity analysis of sand content on LCC for WWTP.   

Specific cost (€/ton collected material) 

Sand content 25% 50% 75% 

Revenue wrack treatment 50.00 50.00 50.00 
Pre-treatment: washing and grinding − 24.17 − 23.89 − 23.61 
Direct operation and maintenance, plant financing and extraordinary operating costs − 8.94 − 7.66 − 6.39 
Digestate transport to agricultural sites and use − 6.12 − 4.08 − 2.04 
Revenue electricity production 13.09 8.73 4.36 
Total 23.86 23.10 22.33  

Fig. A1. Sensitivity analysis of sand content as (a) 25% of collected material (b) 50% of collected material and (c) 75% of collected material on extended LCC for 
individual stakeholders. 

Fig. A2. Sensitivity analysis of cost of restoration on extended LCC for all stakeholders.   
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Fig. A3. Sensitivity analysis of restoration rate on extended LCC for individual stakeholders.  

Fig. A4. Sensitivity analysis of cost of ecosystem services on extended LCC for all stakeholders.  
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Posidonia oceanica en el Mediterráneo andaluz. Acción C1: Análisis económico y 
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Lijó, L., González-García, S., Bacenetti, J., Fiala, M., Feijoo, G., Lema, J.M., Moreira, M. 
T., 2014. Life cycle assessment of electricity production in Italy from anaerobic co- 
digestion of pig slurry and energy crops. Renew. Energy 68, 625–635. https://doi. 
org/10.1016/j.renene.2014.03.005. 

Liu, S., Trevathan-Tackett, S.M., Ewers Lewis, C.J., Ollivier, Q.R., Jiang, Z., Huang, X., 
Macreadie, P.I., 2019. Beach-cast seagrass wrack contributes substantially to global 
greenhouse gas emissions. J. Environ. Manag. 231, 329–335. https://doi.org/ 
10.1016/j.jenvman.2018.10.047. 

Macreadie, P.I., Trevathan-Tackett, S.M., Baldock, J.A., Kelleway, J.J., 2017. Converting 
beach-cast seagrass wrack into biochar: a climate-friendly solution to a coastal 
problem. Sci. Total Environ. 574, 90–94. https://doi.org/10.1016/j. 
scitotenv.2016.09.021. 

Mainardis, M., Buttazzoni, M., Gievers, F., Vance, C., Magnolo, F., Murphy, F., Goi, D., 
2021a. Life cycle assessment of sewage sludge pretreatment for biogas production: 
from laboratory tests to full-scale applicability. J. Clean. Prod. 322, 129056 https:// 
doi.org/10.1016/J.JCLEPRO.2021.129056. 

Mainardis, M., Magnolo, F., Ferrara, C., Vance, C., Misson, G., de Feo, G., Speelman, S., 
Murphy, F., Goi, D., 2021b. Alternative seagrass wrack management practices in the 
circular bioeconomy framework: a life cycle assessment approach. Sci. Total 
Environ. 798, 149283 https://doi.org/10.1016/j.scitotenv.2021.149283. 
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PRé, Goedkoop, M., Oele, M., Vieira, M., Leijting, J., Ponsioen, T., Meijer, E., 2016. 
SimaPro Tutorial. 

Rebitzer, G., Hunkeler, D., 2003. Life cycle costing in LCM: ambitions, opportunities, and 
limitations. Int. J. Life Cycle Assess. 8, 253–256. https://doi.org/10.1007/ 
BF02978913. 

C. Vance et al.                                                                                                                                                                                                                                   

https://doi.org/10.1515/botm.1997.40.1-6.101
https://doi.org/10.1515/botm.1997.40.1-6.101
https://doi.org/10.1016/S0269-7491(03)00125-8
https://doi.org/10.1016/j.biortech.2013.01.005
https://doi.org/10.1016/j.biortech.2013.01.005
https://doi.org/10.1038/s41467-019-11340-4
https://doi.org/10.3389/fmars.2017.00013
https://doi.org/10.3389/fmars.2017.00013
https://doi.org/10.3354/meps067097
https://doi.org/10.1016/j.ocecoaman.2011.09.001
https://doi.org/10.1016/S0272-7714(03)00045-3
https://doi.org/10.1016/S0272-7714(03)00045-3
https://doi.org/10.1016/j.envsoft.2017.03.001
https://doi.org/10.1016/j.envsoft.2017.03.001
https://doi.org/10.2777/79401
https://www.exchangerates.org.uk/EUR-SEK-spot-exchange-rates-history-2012.html#:%7E:text=Average%20exchange%20rate%20in%202012%3A%208.7059%20SEK
https://www.exchangerates.org.uk/EUR-SEK-spot-exchange-rates-history-2012.html#:%7E:text=Average%20exchange%20rate%20in%202012%3A%208.7059%20SEK
https://www.exchangerates.org.uk/EUR-SEK-spot-exchange-rates-history-2012.html#:%7E:text=Average%20exchange%20rate%20in%202012%3A%208.7059%20SEK
http://conferences.chalmers.se/index.php/LCM/LCM2013/paper/viewFile/537/138
http://conferences.chalmers.se/index.php/LCM/LCM2013/paper/viewFile/537/138
https://doi.org/10.1016/j.simpat.2014.03.013
https://doi.org/10.1016/j.simpat.2014.03.013
http://refhub.elsevier.com/S0959-6526(22)03036-0/sref41
http://refhub.elsevier.com/S0959-6526(22)03036-0/sref41
https://doi.org/10.3389/fevo.2019.00062
https://doi.org/10.1177/0734242X16664024
http://refhub.elsevier.com/S0959-6526(22)03036-0/sref44
http://refhub.elsevier.com/S0959-6526(22)03036-0/sref44
https://doi.org/10.1007/s11367-011-0369-4
http://refhub.elsevier.com/S0959-6526(22)03036-0/sref46
http://refhub.elsevier.com/S0959-6526(22)03036-0/sref46
http://refhub.elsevier.com/S0959-6526(22)03036-0/sref46
http://refhub.elsevier.com/S0959-6526(22)03036-0/optnQjVxm18Ji
http://refhub.elsevier.com/S0959-6526(22)03036-0/optnQjVxm18Ji
http://refhub.elsevier.com/S0959-6526(22)03036-0/optnQjVxm18Ji
http://refhub.elsevier.com/S0959-6526(22)03036-0/optnQjVxm18Ji
http://refhub.elsevier.com/S0959-6526(22)03036-0/optnQjVxm18Ji
https://www.compost.it/wp-content/uploads/2019/08/Rapporto-CIC-2017-Eng-v-2.6-web-version.pdf
https://www.compost.it/wp-content/uploads/2019/08/Rapporto-CIC-2017-Eng-v-2.6-web-version.pdf
https://doi.org/10.1111/cobi.12436
https://doi.org/10.1111/cobi.12436
http://refhub.elsevier.com/S0959-6526(22)03036-0/sref48
http://refhub.elsevier.com/S0959-6526(22)03036-0/sref48
http://refhub.elsevier.com/S0959-6526(22)03036-0/sref48
http://www.juntadeandalucia.es/medioambiente/portal_web/web/temas_ambientales/programas_europeos_y_relac_internac/programas_europeos/life/proyectos_ejecucion/LIFE09_posidonia/documentos/AnejoC12.pdf
http://www.juntadeandalucia.es/medioambiente/portal_web/web/temas_ambientales/programas_europeos_y_relac_internac/programas_europeos/life/proyectos_ejecucion/LIFE09_posidonia/documentos/AnejoC12.pdf
http://www.juntadeandalucia.es/medioambiente/portal_web/web/temas_ambientales/programas_europeos_y_relac_internac/programas_europeos/life/proyectos_ejecucion/LIFE09_posidonia/documentos/AnejoC12.pdf
http://www.juntadeandalucia.es/medioambiente/portal_web/web/temas_ambientales/programas_europeos_y_relac_internac/programas_europeos/life/proyectos_ejecucion/LIFE09_posidonia/documentos/AnejoC12.pdf
https://doi.org/10.3850/978-981-07-2518-1_313
https://doi.org/10.3850/978-981-07-2518-1_313
https://doi.org/10.1186/1754-6834-4-44
https://doi.org/10.1186/1754-6834-4-44
https://doi.org/10.1016/j.bej.2016.11.008
http://refhub.elsevier.com/S0959-6526(22)03036-0/sref52
http://refhub.elsevier.com/S0959-6526(22)03036-0/sref52
http://refhub.elsevier.com/S0959-6526(22)03036-0/sref52
https://doi.org/10.1016/j.renene.2014.03.005
https://doi.org/10.1016/j.renene.2014.03.005
https://doi.org/10.1016/j.jenvman.2018.10.047
https://doi.org/10.1016/j.jenvman.2018.10.047
https://doi.org/10.1016/j.scitotenv.2016.09.021
https://doi.org/10.1016/j.scitotenv.2016.09.021
https://doi.org/10.1016/J.JCLEPRO.2021.129056
https://doi.org/10.1016/J.JCLEPRO.2021.129056
https://doi.org/10.1016/j.scitotenv.2021.149283
https://doi.org/10.1007/s10750-012-1403-7
https://doi.org/10.7717/peerj.1053
https://doi.org/10.1007/978-3-030-48485-9_4
https://doi.org/10.1007/978-3-030-48485-9_4
https://doi.org/10.1016/j.ecss.2019.03.014
http://refhub.elsevier.com/S0959-6526(22)03036-0/sref62
http://refhub.elsevier.com/S0959-6526(22)03036-0/sref62
http://refhub.elsevier.com/S0959-6526(22)03036-0/sref62
http://refhub.elsevier.com/S0959-6526(22)03036-0/sref62
http://refhub.elsevier.com/S0959-6526(22)03036-0/sref63
http://refhub.elsevier.com/S0959-6526(22)03036-0/sref63
https://doi.org/10.1016/j.jclepro.2020.120131
https://doi.org/10.1016/j.jclepro.2020.125426
https://doi.org/10.1016/j.jclepro.2020.125426
https://doi.org/10.3390/su8050428
https://doi.org/10.3354/meps109283
https://doi.org/10.3354/meps109283
https://doi.org/10.1641/0006-3568(2006)56[987
https://doi.org/10.4060/cb2331en
https://doi.org/10.1007/s10750-004-7454-7
https://doi.org/10.1007/s10661-018-7127-z
http://refhub.elsevier.com/S0959-6526(22)03036-0/sref72
http://refhub.elsevier.com/S0959-6526(22)03036-0/sref72
https://doi.org/10.1007/BF02978913
https://doi.org/10.1007/BF02978913


Journal of Cleaner Production 370 (2022) 133454

15

Reuters, Buli, N., Abnett, K., Twidale, S., 2021. EU Carbon Price Hits Record 50 Euros Per 
Tonne on Route to Climate Target [WWW Document]. Reuters. URL. https://www. 
reuters.com/business/energy/eu-carbon-price-tops-50-euros-first-time-2021-05-04/ 
. 

Reynolds, P.L., 2018. Seagrass and seagrass beds [WWW Document]. Smithsonian. URL. 
https://ocean.si.edu/ocean-life/plants-algae/seagrass-and-seagrass-beds. 

Rismondo, A., Curiel, D., Marzocchi, M., Scattolin, M., 1997. Seasonal pattern of 
Cymodocea nodosa biomass and production in the lagoon of Venice. Aquat. Bot. 58, 
55–64. https://doi.org/10.1016/S0304-3770(96)01116-3. 

Rosendahl Appelquist, L., Halsnæs, K., 2015. The Coastal Hazard Wheel system for 
coastal multi-hazard assessment & management in a changing climate. J. Coast 
Conserv. 19, 157–179. https://doi.org/10.1007/s11852-015-0379-7. 

Seghetta, M., Hou, X., Bastianoni, S., Bjerre, A.B., Thomsen, M., 2016. Life cycle 
assessment of macroalgal biorefinery for the production of ethanol, proteins and 
fertilizers – a step towards a regenerative bioeconomy. J. Clean. Prod. 137, 
1158–1169. https://doi.org/10.1016/j.jclepro.2016.07.195. 

Statistica Research Department, 2021. Prices of Diesel Fuel in Italy 2000 to 2021 [WWW 
Document]. Statistica. URL. https://www.statista.com/statistics/603718/diesel-fuel 
-prices-italy/. 

ten Brink, P., Mutafoglu, K., Newman, S., Kettunen, M., Russi, D., 2015. Measuring the 
Benefits of Marine Protected Areas in the Context of EU’s Natura 2000 Network- 
Scoping the Methodology. Institute for European Environmental Policy (IEEP), 
London/Brussels.  

Thomsen, M.S., Wernberg, T., Engelen, A.H., Tuya, F., Vanderklift, M.A., Holmer, M., 
McGlathery, K.J., Arenas, F., Kotta, J., Silliman, B.R., 2012. A meta-analysis of 
seaweed impacts on seagrasses: generalities and knowledge gaps. PLoS One 7 (1), 
e28595. https://doi.org/10.1371/journal.pone.0028595. 
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